INTRODUCTION
Disease outbreaks on coral reefs are emerging as significant causes of coral mortality altering ecosystem function and are predicted to become more frequent and severe globally (Harvell et al., 2002; Maynard et al., 2015) . Evidence continues to build coupling increased water temperatures with increased coral bleaching and disease prevalence Miller et al., 2009; Ruiz-Moreno et al., 2012; Randall and van Woesik, 2015) . In addition to thermal stress, other anthropogenically influenced stressors linked to increased coral disease prevalence and mortality include reduced water quality (Bruno et al., 2003) and clarity (van Woesik and McCaffrey, 2017) , nutrient enrichment (Vega Thurber et al., 2013) , dredging associated sedimentation (Pollock et al., 2014; Miller et al., 2016) , and plastic pollution (Lamb et al., 2018) . As anthropogenic related stressors continue to drive disturbance events such as disease outbreaks, it is imperative to document how these events are affecting coral reef ecosystems.
Coral disease, especially in the Caribbean, was once typically described as more prevalent during summer months affecting less than 5% of the population and only a few species (Rutzler et al., 1983; Edmunds, 1991; Weil and Croquer, 2009; Muller and van Woesik, 2012; Ruiz-Moreno et al., 2012) . These typical conditions have now changed. The pathogens, vectors, or other causative agents of most coral diseases remain unknown. Sufficient information on background disease prevalence in coral populations or what factors contribute to prevalence levels increasing to a height such that major coral community changing disease outbreaks occur is not known. It is becoming increasingly important to understand the interactions between climate-related stress and local environmental factors that are likely to contribute to increased disease prevalence, whether through changes in pathogen abundance or virulence, or coral susceptibility to disease.
In this study, we use a 5-year data set collected as part of a long-term monitoring project to examine the impacts of a multi-year, widespread disease outbreak on stony coral populations in the northern portion of the Florida Reef Tract (FRT). The FRT is the third largest barrier reef system in the world extending approximately 577 km north from the Dry Tortugas. The northern extension of the FRT, the Southeast Florida Reef Tract (SEFRT), runs parallel to the heavily developed and densely populated mainland coast of southeast Florida, which includes Miami-Dade, Broward, Palm Beach, and Martin counties. Southeast Florida is home to more than six million residents and visited by millions of tourists each year. Existing within 3 km of this highly urbanized area, the SEFRT ecosystem is greatly influenced by commercial and recreational fishing and diving, major shipping port activities including dredging, wastewater and sewer outfalls, canal discharges, ship groundings, and other marine construction activities. The cumulative impact of these local stressors on the SEFRT is likely even more damaging through the interaction with increasingly frequent and severe thermal stress associated with global climate change.
Reports of numerous diseased corals in the southern portion (Miami-Dade County) of the SEFRT began in the fall of 2014 and by fall 2015 reports increased, identifying an apparent widespread disease outbreak affecting numerous species in the south and central portions of the SEFRT 1 (Precht et al., 2016) . Increased ocean warming (Manzello, 2015) followed by coral bleaching were reported in late summer and fall 2014 in the FRT and continued through 2015 (Eakin et al., 2016; van Woesik and McCaffrey, 2017) . With reports continuing through 2016, this regional disease outbreak appeared to be more severe, widespread, and prolonged compared to previous disease outbreaks documented along the FRT.
Historically, the Caribbean has been considered a "hotspot" for coral disease and the FRT has not been an exception. Disease outbreaks affecting multiple coral species were reported in the FRT in the 1970s (Dustan, 1977) and 1990s (Richardson et al., 1998a,b) . The visual signs and tissue loss patterns affecting the corals in these events led to the disease being termed white plague (Dustan and Halas, 1987; Richardson et al., 1998a,b) . In the Caribbean, white plague is now considered to be one of the most serious of the coral diseases (Croquer et al., 2003; Weil, 2004; Richardson and Voss, 2005; Miller et al., 2009) . In addition to the previous observations of white plague along the FRT, black band disease (Carlton and Richardson, 1995; Kuta and Richardson, 1996) and Acroporid only affecting diseases, whiteband (Gladfelter, 1982; Aronson and Precht, 2001) , white-pox (Sutherland and Ritchie, 2004) , and rapid tissue loss (Williams and Miller, 2005) have also been documented (Gilliam et al., 2017) . The disease presentation in the current study commonly consisted of tissue loss from disease lesions or boundaries of denuded skeleton adjacent to apparently healthy tissue. As the outbreak has been studied and discussed among research partners multiple names have been used including, white plague, white blotch, and white-plague like. Given the current unknown information regarding the outbreak, the accepted identification of the white plague pathogen and that this study did not attempt to identify the pathogen, the disease is referred to as white syndrome (WS). This is supported by ongoing work of others trying to identify the pathogen 2,3 (Walczak, personal communication, 2018) . Additionally, the term WS is commonly used in the Pacific for diseases with similar presentation and unknown etiologies (Pollock et al., 2011 (Pollock et al., , 2017 .
Here, we utilized Southeast Florida Coral Reef Evaluation and Monitoring Project (SECREMP) data collected between 2012 and 2016 to examine disease outbreak impacts on the stony coral community. SECREMP is a long-term monitoring project that includes 22 sites distributed along the SEFRT from MiamiDade County north to Martin County (Gilliam et al., 2017) . The specific objectives of this study were to determine the temporal and spatial extent of the outbreak and to quantify region-wide and species specific impacts to the stony coral community. The data presented here clearly show significant declines in coral diversity, density, and live tissue area (LTA) associated with an unprecedented disease outbreak. Additionally, capturing these declines demonstrates the value of continued region-wide, long-term monitoring, and the importance of these projects for determining the success of management actions that will be required in response to this disease outbreak.
MATERIALS AND METHODS

Coral Monitoring Surveys
To evaluate the impacts of the major coral disease outbreak offshore southeast Florida, this study utilized stony coral demographic data from SECREMP. SECREMP was established as a long-term monitoring project in 2003 to provide resource managers annual status updates on the SEFRT (Gilliam et al., 2017) . In 2012, SECREMP began collecting detailed stony coral demographic data at 16 previously established permanent monitoring sites and in 2013 six additional sites were added. The 22 sites were distributed north from Miami-Dade County to Martin County (Figure 1 and Table 1 ) with multiple reef habitats within each county (Walker, 2012) represented. Throughout the project, sites have been defined by the county followed by a site number (MC = Martin County, BC = Broward County, PB = Palm Beach County, and DC = Dade County). Each site consists of four stations, 1 m × 22 m, demarcated by stainless steel stakes permanently placed in the substrate. Annual monitoring surveys at all sites occurred in summer months (May-September) from 2012 to 2016. Using SCUBA, divers conducted 1 m ×22 m belt transects guided by measuring tapes deployed between the permanent stakes. Within each transect all stony corals ≥ 4 cm diameter were identified to species and colony maximum diameter and height, perpendicular to the plane of growth, were measured. Colonies were visually assessed for signs of disease, bleaching, and other conditions (i.e., predation, damselfish gardens, boring sponges, etc.). For the current study, diseases were classified as non-white syndrome or WS based on disease presentation and the unknown etiology. Non-white syndrome included black band disease, yellow band disease, white band disease (Acroporids only), and dark spot disease. Bleached colonies were differentiated from partially bleached colonies in the field, but data presented in this study combined bleached and partially bleached colonies. Percent colony tissue mortality was documented and estimated as either recent or old mortality. Recent mortality was defined as tissue loss areas having clearly distinguishable corallite structure and minimal overgrowth by algae or other fouling organisms. Any areas of colony mortality not meeting these criteria were considered old.
In addition to the coral surveys, SECREMP has been collecting benthic temperature data at all sites since 2007. Throughout the course of the project, three models of temperature loggers were utilized, StowAway TidbiT TM , Hobo Pendant Temperature Data Logger, and Hobo Water Temp Pro v2 (Onset). Two loggers were deployed at each site with a sampling interval of every 2 h and were exchanged annually during the monitoring events. Data from one logger per site was used for analysis unless there were gaps in the data in which case data from the second logger was used to fill gaps.
Statistical Analysis
Temporal trends in regional monthly minimum, maximum, and mean temperatures were examined using a linear regression model in R (version 3.3.3) (R Core Team, 2017) . Regional values were calculated using data from all sites and subregional values were calculated using the sites within each respective county.
To examine the extent of the disease outbreak, differences in bleaching and disease prevalence, coral community diversity [species richness (S), Shannon index (H ), and Inverse Simpson's index (D)], coral density, and coral LTA were analyzed at the regional level. As coral diseases often cause colony partial mortality, LTA is a useful metric because it takes partial mortality into account and is therefore better able to detect changes in the community whereas diversity and density require full colony mortality for changes to be detected. Coral colony surface areas were calculated using the following modified version of the Knud Thomsen approximation 4 for the surface area of an ellipsoid (Klamkin, 1971 (Klamkin, , 1976 :
The original equation was multiplied by 1 /2 to estimate the surface area of a coral as the equivalent of the top half of an ellipsoid. In the equation, a = maximum colony height, b = maximum colony diameter, and p = 1.6075, a constant yielding a relative error of at most ± 1.061%, determined by Knud Thomsen based on Klamkin's (1971) work. Following the calculation of the surface area, the resulting value and the colony mortality were used to calculate LTA via the following formula:
Disease prevalence, species diversity, colony density, and colony LTA were also analyzed at the site level to detect any localized effects of the disease outbreak. Regional and site level differences were analyzed using linear mixed-effect models in the nlme package (Pinheiro et al., 2017) in R. For these models disease prevalence, diversity, density, or LTA were used as the response variables with year as the fixed effect. For the regional models, station was nested within site as a random effect and for site models station was used as a random effect.
To investigate species-specific effects of the disease outbreak disease prevalence, density, and LTA were examined for each coral species documented throughout the 5 years of monitoring. Species-level disease prevalence was tested for trends over time using the Mann-Kendall trend test in the Kendall package (McLeod, 2011) in R. Linear mixed-effects models were used with species density or LTA as the response variable and year as the fixed effect and a random effect for station nested within site.
For all models, if significant effects were found a Tukey's post hoc analysis was performed using the glht() (general linear hypothesis) function in the multcomp package (Hothorn et al., 2008) . Additionally, all figures were generated using the ggplot2 package (Wickham, 2009 ) in R and all data are presented as mean ± standard error (SE) unless noted otherwise.
It should be noted that prior to 2013 SECREMP grouped Orbicella (formerly known as Montastraea) annularis, Orbicella faveolata, and Orbicella franksii as the Orbicella annularis complex and they are therefore grouped for this study. Additionally, Agaricia spp. are grouped as a result of highly variable inter-observer identifications of these species. Additionally, species-level differences are for these complexes not individual species.
RESULTS
Increased Thermal Stress and Coral Bleaching and Disease
Benthic temperatures at the SECREMP sites exhibited continued increases from 2007 to 2016, suggesting increased thermal stress throughout the southeast Florida region, which is in agreement with sea surface temperature reports from southeast Florida as well as the Florida Keys (Manzello, 2015; NOAA Coral Reef Watch, 2016) . In years with corresponding stony coral demographic data (2012) (2013) (2014) (2015) (2016) , 2015 was the warmest year documented by SECREMP (Figure 2) , based on annual means, and had the most days with maximum temperatures exceeding a documented bleaching threshold of 30.5 • C (Manzello et al., 2007) , especially in Miami-Dade County (Supplementary Table S1 ). Regionally, increasing trends were observed for monthly maximum, minimum, and mean temperatures, although only the monthly minimum trend was significant (p = 0.094; p = 0.031; p = 0.100, respectively). As benthic temperatures increased in the region, increases in coral bleaching and disease prevalence were also observed. Mean bleaching (bleached + partially bleached) prevalence changed significantly over the 5 years of monitoring (p = 0.005) and 2014 (6.32 ± 0.88%) and 2016 (7.55 ± 1.19%) were significantly greater than 2012 (2.01 ± 0.51%, p = 0.047 and p = 0.002, respectively) ( Table 2 and Supplementary Figure S1 ). Not only was the maximum coral bleaching prevalence for the study period observed in 2016, but the same was also seen for disease prevalence. Mean disease prevalence in 2016 (3.29 ± 0.60%) more than doubled compared to 2015 (1.49 ± 0.35%) and was significantly greater than all previous years (p < 0.01) ( Figure 3A) . The increase in disease prevalence was primarily due to a region-wide outbreak of WS, which was over 2.6 times more prevalent in 2016 (2.48 ± 0.57%) compared to all other study years (p < 0.05) ( Table 2) . Non-white syndrome diseases were prevalent in all study years, but the maximum prevalence for non-white syndrome never exceeded 1% (Table 2) . Additionally, non-white syndrome disease prevalence was driven by dark spot disease. While WS prevalence was only significantly greater in 2016, the outbreak was documented prior to 2016 ( Figure 3B) . White syndrome was first documented in the SECREMP demographic data at two sites in 2013 (BC4 and DC8). Over the next 3 years, WS was documented in at least one site in all four counties, and each year all habitats had at least one site with WS (Supplementary Table S2) . Additionally, the number of sites impacted progressively increased from four sites in 2014 to eight sites in 2015 and 13 sites in 2016. Seven sites had significant increases in WS prevalence (p < 0.05) between 2012 and 2016 with the greatest increase and highest mean occurring at BC1 in 2016 (14.39 ± 2.95%) (Supplementary Table S2) .
In addition to being geographically widespread, the WS outbreak appeared indiscriminate, affecting 11 of the 24 coral species recorded throughout the study period (Figure 4 and Supplementary Table S3 ). WS prevalence increased in terms of number of species affected as well as within species from 2013 to 2016, although no significant trends within species were found (Mann-Kendall, p > 0.05). In 2013, only two species, Dichocoenia stokesii and Porites astreoides, were affected by WS. This increased to six species in 2014, nine in 2015, and seven in 2016. Over the four years in which WS was observed, species prevalence ranged from 0.17% for P. astreoides in 2015 to 25% for Eusmilia fastigiata in 2016 (Supplementary Table S3) . Additionally, the highest prevalence per species was observed in 2015 and 2016. In 2015, D. stokesii (10.91%) and O. annularis complex (8.33%) prevalence exceeded 5%. Prevalence was even greater in 2016 with four species having prevalence > 10%: E. fastigiata (25%), Montastraea cavernosa (15.32%), Solenastrea bournoni (13.16%), and O. annularis complex (12.5%).
White Syndrome Outbreak Coincides With Coral Community Declines
The wide geographical impact and the multiple host species susceptible to WS corresponded with changes to the coral communities of southeast Florida, which was evident by examination of community diversity. At the regional level, all three measures were significantly lower in 2016 (S: 4.92 ± 0.19, H': 1.24 ± 0.04, D: 3.08 ± 0.10) compared to all other years (p < 0.001) (Supplementary Figure S2) . At the site level, significant changes were also observed for all three measures (p < 0.05), with one site that significantly increased, PB1 (S: p < 0.01; H': p < 0.05; D: p < 0.001). PB1 is a nearshore ridge complex site in Palm Beach County that has been impacted by sand movement. PB1 was buried by sediment for several years, but has become more exposed since 2013. For species richness nine sites had significantly fewer species in 2016 compared to other years (p < 0.05). Significant decreases were also observed for Shannon's index and Inverse Simpson's index at ten and seven sites, respectively (p < 0.05) (Supplementary Table S4) .
In an effort to determine whole colony mortality related changes at the population-level, coral density was analyzed. Prior to 2016, annual mean stony coral density throughout southeast Florida was slightly increasing. Mean density significantly (p < 0.001) decreased from 1.29 ± 0.10 colonies/m 2 in 2015 to 1.07 ± 0.09 colonies/m 2 in 2016. Coral density in 2016 was also significantly lower than 2012 (1.15 ± 0.10 colonies/m 2 , p 0.01), 2013 (1.21 ± 0.09 colonies/m 2 , p < 0.01), and 2014 (1.26 ± 0.10 colonies/m 2 , p < 0.001) (Figure 5 ). For the 22 sites monitored, 18 sites had declines in coral density, six of which were significant (p < 0.05). The declines ranged from 10 to 52% and were not localized to one subregion or habitat, but were distributed between all habitats in Palm Beach, Broward, and Miami-Dade counties (Figure 6 ). Species-level density was analyzed for changes indicating whole colony mortality. Four species had densities in 2016 that were significantly lower than they had been in previous years (p < 0.05) and five additional species had their lowest densities, although not significant (p > 0.05). M. cavernosa, D. stokesii, and Meandrina meandrites, all species with elevated WS prevalence, had significant declines in density (Figure 5 ; p < 0.0001). Additionally, significant decreases in density were also observed for Siderastrea siderea (p < 0.0001) and Acropora cervicornis (p < 0.05). The A. cervicornis decline is not due to WS as this disease has not been documented affecting A. cervicornis. D. stokesii mean density declined by 90% from Table S3 ).
Changes in diversity and density are dependent on losses of whole colonies and corals exhibit colony partial mortality; therefore, LTA was used to examine population and species level changes related to partial mortality. sites. Seven sites (PB2, PB4, and PB5; BC4 and BC5; DC1 and DC4) had significant decreases in LTA between 2012 and 2016 (p < 0.05) (Supplementary Figure S3) . All habitats within each county were represented by sites with decreased LTA (Supplementary Figure S3) . Broward County 1, a site historically dominated by M. cavernosa, did not exhibit a significant change overall (p = 0. (0.06 ± 0.02 m 2 , p < 0.05). M. meandrites also exhibited a drastic decline with 2016 (0.004 ± 0.000) being significantly lower than 2012 (0.22 ± 0.09, p < 0.01), 2013 (0.22 ± 0.06, p < 0.001), and 2014 (0.19 ± 0.05, p < 0.001). This decline corresponded to the loss of all but five colonies in the region. In total, 15 species had declines in mean LTA between 2015 and 2016, leading to 10 total species having their lowest mean LTA in 2016 ( Figure 7B) . Additionally, of the 11 species exhibiting signs of WS during the study period, 10 had declines in LTA. Porites porites was the only species affected by WS that did not decline in LTA during the study period.
DISCUSSION
Our analysis of 5-years of SECREMP stony coral demographic data clearly shows that the Southeast Florida Reef Tract (SEFRT) was severely impacted by an ecosystem-altering disease outbreak that was unprecedented in terms of temporal scale (3 + years), geographic extent (nearly 100 km between affected sites), number of species affected, and severity (colony mortality). We demonstrate that the outbreak began as early as summer 2014 and continued through 2016. During this period, the outbreak was a region-wide, multi-habitat event corresponding with significant declines in stony coral diversity, colony density, and LTA. Regionwide, 11 of 24-recorded species were documented with WS, four of which had significant regional declines in density and LTA. Increased disease prevalence coincided with the three warmest years on record (NOAA Coral Reef Watch, 2016), thus, thermal stress was very likely a major, but not sole contributor to the outbreak. Although not specifically addressed in this study, the cumulative impacts of multiple local stressors related to the close proximity of the SEFRT to a highly urbanized coast likely contributed to the unprecedented nature of this outbreak.
The disease outbreak documented here was a multi-year event impacting the SEFRT coral community. Disease prevalence in Miami-Dade and Broward counties in 2013 were similar to previously documented background levels (Muller and van Woesik, 2012; Ruiz-Moreno et al., 2012) . In 2014, disease prevalence increased in West Palm Beach, Broward, and MiamiDade counties. Precht et al. (2016) reported the outbreak as white plague, near Virginia Key, Florida (Miami-Dade County) adjacent to major Port of Miami dredging activities in September 2014. Our data suggests the outbreak likely began earlier in 2014 as SECREMP sampling at all sites occurred prior to September 2014. Additionally, as early as 2014 the outbreak appeared to be more widespread than just in MiamiDade County as Precht et al. (2016) reported: two SECREMP sites (BC5 and BC6) in northern Broward County in 2014 had WS prevalence values of 4 and 13%, respectively. White syndrome was also recorded in Palm Beach County in 2014, although at or below a previously documented background FIGURE 5 | Annual colony density for the region (top left) and coral species with significant changes from 2012 to 2016 (p < 0.05). The middle bars of the boxplots represent the median values, the box length represents the interquartile range (IQR), the whiskers extend from the upper and lower IQR to the maximum and minimum values, and the dots indicate possible outliers. During this time period P. astreoides and P. porites had significant increases, Agaricia spp. had a significant overall change, but none of the pairwise comparisons were significant. All other species showed significant declines. Asterisks represent significant pairwise differences and the bars below the asterisks indicate the pairwise comparisons. * p < 0.05; * * p < 0.01; * * * p < 0.001.
level (Muller and van Woesik, 2012; Ruiz-Moreno et al., 2012) . White syndrome prevalence continued to increase reaching its maximum for the study period in 2016 and was documented in 13 of 22 sites distributed in multiple habitats ranging from 3 to 20 m depths in Palm Beach, Broward, and MiamiDade counties. While non-white syndrome diseases were documented throughout the study, their prevalence remained < 1% (Table 2) . Additionally, dark spot disease was the FIGURE 6 | Annual colony density per site in (A) Martin, Palm Beach, (B) Broward, and Miami-Dade counties. The middle bars of the boxplots represent the median values, the box length represents the interquartile range (IQR), the whiskers extend from the upper and lower IQR to the maximum and minimum values, and the dots indicate possible outliers. Asterisks indicate sites with significant differences between years. Post hoc tests for sites with significant differences showed: 2016 density was significantly less than all other years for PB3, PB4, PB5, BC5, DC7, and DC8; BCA density in 2016 was significantly greater than 2012-2014 and 2015 was significantly greater than 2012 and 2014; DC1 density in 2016 was significantly greater than 2013. * p < 0.05; * * p < 0.01; * * * p < 0.001. primary contributor to non-white syndrome diseases, which most often does not result in mortality (Borger, 2003 (Borger, , 2005 . Our prevalence data showed the wide geographic extent and longevity of the outbreak even in light of the challenges of capturing this type of data during annual monitoring events. Our annual data most certainly underestimated the extremely high disease prevalence such as those reported by Precht et al. (2016) .
Coinciding with the outbreak, significant declines in coral species diversity and colony density were observed, both of which have been suggested as indicators of reef resilience (Maynard et al., 2017; van Woesik, 2017) . White syndrome FIGURE 7 | Annual mean (±SE) stony coral live tissue area (LTA) for the SECREMP (A) region and (B) coral species with significant declines due to white syndrome. Regional LTA in 2016 was significantly less than all other years. Asterisks indicated significant differences between years and the bars below the asterisks indicate the pairwise comparisons. * p < 0.05; * * p < 0.01; * * * p < 0.001. outbreak related declines in coral diversity and density are cause for concern for the already severely stressed SEFRT. Coral diversity declines have been associated with shifts in ecosystem function and stability, increased susceptibility to selective pressures, and reduced resilience and adaptability (van Woesik, 2002 (van Woesik, , 2017 . Additionally, declines in diversity and density contribute to the loss of reef architecture, which can lead to decreased biodiversity of the reef system, specifically with respect to fish communities (Roberts et al., 2002; Alvarez-Filip et al., 2009 ). The loss of architecture is becoming evident as reef building, complexity-contributing species like M. cavernosa, M. meandrina, and S. siderea exhibited significant declines. The declines in these occurred as increases in more "weedy" species like P. astreoides, P. porites, and Agaricia spp. (Figure 5) were also documented. These species typically grow as small, flat colonies resulting in reduced reef complexity (Knowlton, 2001; Precht and Miller, 2007; Green et al., 2008) . Similar to reduced diversity and density, reductions in LTA can alter individual colony contributions to ecosystem function and reef habitat quality (Cote et al., 2005; . Regional LTA significantly decreased in 2016 (Figure 7A ), particularly as a result of major losses in specific species affected by WS. Additionally when considering LTA as equivalent to cover, reduced LTA can affect a colony's reproductive potential, reducing the likelihood of recovery following disturbance events. Hartmann et al. (2017) showed high coral cover populations produced more larvae per square centimeter of tissue leading to higher larval outputs per square meter of reef. Based on this, reductions in LTA diminish the potential for larval production and output yielding decreased possibilities for successful sexual reproduction. Beyond the decline of LTA as a measure of benthic cover, decreased LTA is also indicative of reduced tissue per individual colony. Previously determined relationships between colony size and fecundity suggest that our observed decreases in LTA could lead to reductions in fecundity (Connell, 1973; Szmant-Froelich, 1985; Ward, 1995; Tsounis et al., 2006) . As a result of the probable decreases in fecundity and reproductive potential of many of the remaining SEFRT corals, the likelihood of recovery is greatly reduced.
The 2014 to 2016 disease outbreak was arguably the most devastating disturbance event yet documented in the SEFRT, and has altered ecosystem function to a point where recovery is greatly challenged. Our data estimates that regionally as much as 30% of coral colony density and 60% of LTA was lost. Globally, ocean warming related coral bleaching events coupled with disease outbreaks are predicted to become more frequent and severe (Maynard et al., 2015) . As thermal stress event frequency increases, time between events decreases, greatly limiting recovery potential, and this scenario is suggested to occur at even the most remote reefs (Hughes et al., 2018) . The SEFRT is not remote. In addition to being a high-latitude system near the environmental threshold for significant coral reef growth, the SEFRT is offshore of a highly urbanized area driving increased nutrient loading from urban runoff and defining the ever-increasing need for marine construction projects (beach nourishment, port dredging, etc.) to support coastal development.
Global climate change related stress is challenging for local resource managers to address; however, with a greater understanding of the relative importance of local anthropogenic stressors contributing to increased coral disease prevalence, local management strategies can be developed to reduce diseaserelated impacts and facilitate recovery (Beeden et al., 2012) . The irreplaceable economic and recreational benefits of the SEFRT are threatened because the system is under varied and chronic stress. Local resource management strategies need to include stronger regulations to reduce local drivers of stress such as development-related sedimentation (Pollock et al., 2014; Miller et al., 2016; Fourney and Figueiredo, 2017) and nutrient loading (Vega Thurber et al., 2013) . Credible information is required to inform management, and SECREMP captured dramatic impacts to the SEFRT related to a major coral disease outbreak. Long-term monitoring provides annual status data on reef health and condition from which spatial and temporal changes to the system can be determined. Long-term monitoring will be required to document the success of management actions in response to this disease outbreak and further inform management decision-making. The SEFRT may be a harbinger for declines in other reef areas around the world subjected to similar cumulative global and local stresses. As population increases and coastal development intensifies, coral reef resiliency will depend upon our thorough understanding of the cumulative impacts local and global stressors driving declines and limiting recovery.
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